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H I G H L I G H T S

• Rapid KTP mineralization is achieved
in UV-activated PS system only.

• Direct photolysis contributes greatly
to KTP degradation in UV-activated PS
system.

• UV-activated PS system is effective in
both KTP and partial bacterial re-
moval.

• KTP degradation mechanism involves
both SO4

−% and OH%.

• Rapid KTP removal is cost effective in
UV-activated PS system.
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A B S T R A C T

This work assessed the treatment of ketoprofen (KTP) using persulfate (PS) based Advanced Oxidation Process
(AOP) activated thermally, chemically (Fe2+) or by UV. KTP degradation was optimized by manipulating several
experimental parameters to achieve efficient KTP and its byproducts removal. Parameters included: PS con-
centration, Fe2+ concentration, temperature, pH, dissolved ions e.g. Cl−, HCO3

−, and humic acids (HA). Results
showed that: (i) KTP degraded significantly in UV only systems in contrary to thermal and chemical systems
where KTP was resistant in PS free solutions; (ii) KTP degradation extent increased with the increase in [PS]0
while it was highly dependent on the [Fe2+]0:[PS]0 molar ratio; (iii) The activation energy (EA) calculated in
thermal activation experiments was found to be 157.02 (± 8.9) kJmol−1; (iv) The highest % reaction stoi-
chiometric efficiency calculated only in thermal systems reached 38%; (v) Sequential KTP additions showed that
the UV system was the most sustainable, followed by the thermal system while the chemical system was the least
sustainable. (vi) KTP dissolved in a non-treated waste water matrix was best removed along with present coli-
forms in UV system. KTP transformation products were identified by HPLC/MS and a degradation reaction
pathway was suggested. This study led to the conclusion that UV/PS systems are the most economically efficient
among the three investigated PS-based systems.

1. Introduction

Non-steroidal anti-inflammatory drugs (NSAIDs) have been widely
used in human medicine in the last few decades, especially that they are
available over the counter, low in cost, and are characterized by the

absence of addictive side effects [1]. Pharmaceuticals in the aquatic
environment were found to alter the physiological processes in fish, by
binding to their nuclear receptors thus altering molecular mechanisms
at the transcription and/or translation levels [2]. A recent study con-
ducted in 2013 showed that NSAIDs caused adverse histopathological
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changes in various tissues of many species [3]. NSAIDs are delivered to
several environmental compartments through different routes origi-
nating from various sources. Among the main routes of entry is do-
mestic wastewater in which human excretions containing non-
metabolized pharmaceuticals and unproperly disposed medication find
their way into sewage treatment plants (STPs) [4,5]. Other entry routes
include the discharge from manufacturing sites, therapeutic treatment
of livestock and effluents from aquaculture farms that were proven to
significantly contribute to the environmental contamination by NSAIDs
[6–10]. Conventional STPs are not effective in removing complex or-
ganic compounds such as NSAIDs; therefore, a substantial amount of
these contaminants and their metabolites enter the aquatic environ-
ment and reach groundwater [5,11–14], and consequently have been
found in surface, and drinking water [15–17]. Micropollutants such as
pharmaceuticals can be subjected to sorption on sludge in primary
WWTPs; however, the removal efficiency reached was rather low (28%)
[18]. In secondary WWTPs, pharmaceuticals are subjected to several
processes such as dispersion, dilution, partitioning, biodegradation and
abiotic transformation [19]. NSAIDs particularly haven’t exhibited ef-
fective removal extent in secondary WWTPs through biodegradation,
where a maximum removal of 75% was reached in a very limited
number of NSAIDs as reported by Selgado et al. [20]. Among the many
NSAIDs detected in natural waters, ketoprofen (KTP) (Table 1S) is
considered one of the most representative drugs of this class of phar-
maceuticals which was found in concentrations up to 6 µg L−1 [21–24].
Several research groups investigated KTP removal using different bio-
logical and chemical methods. Nakada et al. [25] investigated KTP
elimination in a municipal STP using activated sludge treatment;
however, KTP showed poor removal (< 50%). Urrea et al. [26] studied
KTP degradation by the aid of a white-rot fungus in a liquid medium
where % degradation reached 100% after 24 h of treatment. On the
other hand, many research groups aimed for degrading KTP chemically
such as Fan et al. [27] who applied fabricated mesoporous Sb-doped
SnO2 electrode for the electrochemical degradation of KTP. A maximum
of 70% TOC was removed upon treatment over a period of 4 h. Mur-
ugananthan et al. [28] also investigated KTP degradation using boron
doped diamond (BDD) and platinum electrodes. KTP was fully degraded
after a period of 2 h at a current density of 13.3mA cm−2; however,
TOC removal required 12 h of treatment using Na2SO4 as a supporting
electrolyte. Feng et al. [29] found out that electro-Fenton process on a
BDD electrode is a rapid method for KTP removal (30min), while full
mineralization expanded over a period of 4 h. Other research groups
studied the photodegradation of KTP, alone or mixed with other
pharmaceuticals where they were able to totally remove KTP; however,
its degradation byproducts/TOC remaining persisted in the reaction
mixture requiring longer exposure period [30–32]. KTP degradation
was also studied under the effect of O3 and UV/O3 systems where the
latter was 14–15 times (≈90%) more efficient towards KTP degrada-
tion and mineralization [33]. In addition, Hilles et al. [34] and Abu
Amr et al. [35] investigated PS/H2O2 and PS/O3 performance respec-
tively. This was done for the treatment of stabilized leachate, showing
increased efficiency when PS is combined with H2O2 or O3, which was
confirmed by the improvement in COD removal in these systems
compared to PS only system. On the other hand, a very recent work has
been published by Feng et al. [36] on thermally activated PS (T-APS)
for the degradation of ketoprofen, where KTP almost fully degraded
(97%) under neutral conditions at T=50 °C and [PS]0= 2mM after
2 h of reaction.

Activated PS has been extensively studied to be used in water and
soil remediation as it reacts with a wide range of organic contaminants
[37]. During the last decade, AOPs researchers developed PS tech-
nology by studying different activation techniques, interferences from
naturally occurring mineral species, and efficiency and sustainability of
PS over long treatment periods to optimize the oxidation reactions. The
most common PS activation techniques are thermal (Eq. (1)) [38–40],
chemical (Eq. (2)) [41,42], and UV (Eq. (3)) [43,44] activation alone or

combined. Upon activation, PS (E0= 2.01 V) is transformed into sulfate
radicals (SRs, E0= 2.6 V) which are very reactive towards organic
contaminants (OCs) due to their non-selectivity [37]. The number of
SRs formed per PS molecule depends on the activation technique and
are shown in Eqs. 1–3. The mode of action of SRs is mainly through
electron abstraction, therefore it is extremely reactive towards con-
taminants containing non-bonding electron pairs on atoms such as S, N
and O [37,45,46]. In the case of high abundance of SRs in the reaction
medium, parasitic reactions could take place leading to less efficient
contaminant degradation. These reactions are mainly attributed to the
self-quenching of SRs in T-APS and UV activated PS systems (UV-APS),
and to the metal-ion quenching in a chemically activated PS system (Fe-
APS) [42,44]. Therefore, it is essential to optimize the reaction condi-
tions to avoid any loss of energy and materials. These conditions can be
determined by calculating the reaction stoichiometric efficiency (RSE)
value, whenever applicable, which is defined as the number of moles of
the target OC degraded versus the number of moles of PS consumed

= ×%RSE 100Δn(OC)
Δn(PS) .

S2 O8
2− →2SO4

−% (Thermal activation) with 30 °C<T<99 °C (1)

S2O8
2−+Fe2+→SO4

2−+SO4
−%+Fe3+ (Chemical activation) (2)

%
→

− −S O 2SO (UV activation)2 8
2 hυ

4 (3)

+ → =
− −S O 2 e 2SO with E 2.01 V/SHE2 8

2
4
2 0 (4)

SO4
−%+e→SO4

2− with E0 = 2.6 V/SHE (5)

To the best of our knowledge, degradation of KTP using PS in AOPs
has never been investigated except for the lone study done by Feng
et al. limited to T-APS [36]. Therefore, our aim in this work is to obtain
a comprehensive comparative study on KTP degradation using the most
common PS activation techniques: thermal, UV, and chemical activa-
tion under the scenario of the effluent of a pharmaceutical production
facility. The study will also include the effect of several experimental
variables such as pH, [PS]0, inorganic ions (Cl−, HCO3

−), natural or-
ganic matter (NOM) specifically humic acids (HA), and natural water
samples: wastewater (WW), sea water (SW), and spring water (SpW).
The observed reaction rate constants (kobs) obtained from all the
mentioned experiments are compared to determine the most robust
activation technique. Mineralization tests conducted using TOC analysis
are obtained for the three activation methods while the % RSE values
were determined whenever applicable. HPLC/MS was used to help
elucidating the degradation pathways and mechanisms. Finally, an
economic assessment of the three activation methods was done to
identify the most economically efficient method for future applications.

2. Materials and methods

2.1. Chemicals

Ketoprofen (C16H14O3), sodium persulfate (PS) (Na2S2O8,≥99.0%),
phosphate buffer (monobasic and dibasic), humic acids and potassium
iodide (KI) (puriss, 99.0–100.5%) were purchased from Sigma-Aldrich
(China, France, Germany, Switzerland, and Germany, respectively).
Iron (II) chloride tetrahydrate (FeCl2·4H2O) (purum≥ 98%) and hy-
drochloric acid (HCl) were acquired from Fluka (Switzerland and
Netherlands, respectively). To assess the ionic additives effect, sodium
chloride (NaCl) and sodium hydrogen carbonate (NaHCO3) were pur-
chased from Fluka (Netherlands). Formic acid used for the HPLC mobile
phase was purchased from Loba Chemie (India). Millipore deionized
water (DI) was used in the preparation of all solutions.

2.2. Chemical analysis

Methods of analysis of KTP, PS and TOC are provided in Supporting
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Information (see text S1, Fig. 2S, 3S).

2.3. Chemical setup

Control experiments were performed either in the absence of PS or
its activator (heat, UV, or Fe2+). All KTP degradation experiments were
done in duplicates and each sample was analyzed twice for uncertainty
determination, [KTP]0 was chosen to be 2mg L−1 (7.87 µM) in all ex-
periments done except for TOC and MS analysis where it was 10mg L−1

(39.35 µM) for better sensitivity. The high initial [KTP]0= 2mg L−1

was chosen to mimic wastewater from the effluent of a pharmaceutical
production facility; accordingly, the [PS]0, [Fe2+]0, temperature and
UV intensity were all chosen in the functional range for real life
treatment scenarios. It is worth noting that our research group already
audited a Lebanese pharmaceutical production facility and screened its
wastewater for pharmaceuticals; their concentration was in the mg L−1

level.

2.3.1. Thermal activation reactors
Experiments were done in 200mL Erlenmeyer flasks placed in a

temperature controlled (± 1 °C) water bath with the required tem-
perature (40–70 °C) and shaking speed (80 rpm) preset. A complete
schematic of the setup is shown in Fig. 1a.

2.3.2. Chemical activation reactors
Experiments were done in 200mL Erlenmeyer flasks placed on

stirring plates of a constant stirring speed (240 rpm) at room tem-
perature (25 °C). A complete schematic of the setup is shown in Fig. 1b.

2.3.3. UV activation reactors
Experiments were performed in 400mL borosilicate reactors each

fitted with a quartz insert and a commercial 6W low-pressure mercury
lamp (LpHgL). The LpHgLs exhibited an intensity of 2.3mW/cm2 at a
radial distance of 3.00 cm as experimentally determined by a
Radiometer measurement (Model UVC-254 Lutron; Taipei, Taiwan)
which is the same distance between the lamp and the solution surface.
The reactors were placed in a temperature-controlled water bath fixed

at 20 (± 1) °C. A complete schematic of the setup is shown in Fig. 1c.

2.3.4. Experimental procedure
Solution preparation, sampling and analysis conditions are provided

in Supporting Information (see text S2).

3. Results and discussion

3.1. Optimization of experimental conditions for all activated PS systems

3.1.1. Control experiments: PS free vs. PS spiked systems
The degradation of KTP has been investigated in the presence and in

the absence of PS as presented in Fig. 2. Reactions were performed over
a period of 1 h in T-APS and Fe-APS, and 10min in UV-APS. All reaction
mixtures in the three systems were unbuffered except for the pH study
which is presented in Section 3.3. It can be clearly noticed that [KTP] in
the medium remained unchanged in the PS free experiments for T-APS
and Fe-APS, whereas UV exposure alone significantly contributed to the

Fig. 1. Setup used for KTP degradation in (a) UV-APS, (b) T-APS, and (c) Fe-APS. Experiments were done in parallel under similar conditions for reproducibility
measurements.

Fig. 2. % KTP degradation in “PS only”, “activator only” and “activator+ PS”
in the three activation systems. Experimental conditions: [KTP]0=7.87 µM in
the three systems, [PS]0= 1.0mM (T-APS), [PS]0= 0.5mM and
[Fe2+]0= 0.1mM (Fe-APS), [PS]0= 0.1mM (UV-APS). pHi(avg)= 6.15, pHf

(T-APS)= 3.85, pHf (Fe-APS)=3.19, pHf (UV-APS)= 5.92.
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degradation of KTP. This suggests that KTP is thermally and chemically
resistant while it is highly sensitive to UV irradiation and undergoes
direct photolysis (DP) which was confirmed by the work done by
Martinez et al. [47] where KTP was found to be highly susceptible to
degradation under UV. On the other hand, inactivated PS had no effect
on KTP for a period of 1 h and is expected to remain the same for longer
periods (Fig. 3S). This also suggests that PS (E°= 2.1 V) is not capable
of degrading KTP prior to its activation. However, KTP exhibited high
% degradation which reached 92% and 98% after 1 h in T-APS and Fe-
APS, respectively, and 100% after only 10min in UV-APS. It is worth
noting that KTP undergoes rapid degradation in UV-APS due to the
contribution of DP to KTP removal.

3.1.2. Effect of initial PS concentration in all activated PS systems
The effect of [PS]0 was studied in the three activation methods. The

% RSE was calculated only in the case of T-APS where it was possible to
easily quantify PS, using the recently developed method in our la-
boratory by means of a modified HPLC unit [48]. We were not able to
trace PS in UV-APS and Fe-APS due to low [PS]0 (e.g. 0.1mM) and the
presence of Fe2+ (PS activator) in the sample, respectively. To prevent
further degradation of KTP in the presence of Fe2+ and PS, the with-
drawn sample was quenched with excess MeOH.

3.1.2.1. Thermally activated system. Fig. 3 shows the effect of [PS]0 on
% KTP degradation using T-APS. KTP removal was obviously enhanced
as [PS]0 increased in the medium; in addition, kobs was positively and
linearly correlated to [PS]0 at all studied temperatures which is the
same trend observed by several other researchers [36,49,50]. The %
RSE ranged between 5.18% and 33.17% at T=60 °C, which is about 5
to 10 times higher than the values calculated for both 50 °C and 40 °C
(0.5–6%). Such observation is mainly due to the fact that KTP becomes
more prone to SRs oxidation at higher temperature, which is further
supported by the PS consumption values, where PS consumed at each of
40, 50 and 60 °C experiments at time t (min) of the reaction were very

comparable (Fig. 4S). On the other hand, the maximum % RSE (33.2%)
obtained was at [PS]0= 1mM and T=60 °C (Fig. 5S), where it
decreased significantly as the [PS]0 increased above 1mM possibly
due to the vigorous quenching/parasitic reactions (Eqs. (6) and (7))
[51,52] or the rapid production of high concentration of degradation
byproducts [36,44], resulting in the inefficient consumption of PS
towards probe removal which was encountered by many research
groups [36,42,44].

SO4
−% + SO4

−%→S2O8
2− k6 = 3.1×108 M−1 s−1 (6)

SO4
−% + S2O8

2−→S2O8
2− + SO4

2− k7 = 1.2×108 M−1 s−1 (7)

As for [PS]0 < 1mM and T=60 °C, the % RSE was highest at
[PS]0= 0.25mM compared to 0.5 and 0.75mM; however, the % KTP
degradation was relatively low (40%) indicating the necessity for
longer reaction time. In addition, the observed byproducts were effi-
ciently removed at [PS]0≥ 1mM (Fig. 6S). The conditions at which
highest % RSE was achieved were later adopted as the optimal condi-
tions in all the other experiments on T-APS.

3.1.2.2. UV activated system. KTP degradation was significantly
enhanced by increasing [PS]0 similar to the case of thermal
activation. Although KTP degrades rapidly under UV alone, its
byproducts remain persistent for longer periods of time (Fig. 7S),
which suggests the necessary addition of PS. Fig. 4 demonstrates the
positive correlation between kobs and [PS]0. It was enough to spike the
solution with only 0.1mM PS to induce faster degradation of KTP and
its byproducts. In fact, KTP reached full degradation after 7min of
reaction time, therefore [PS]0= 0.1 mM was adopted for all other
experiments conducted in UV-APS, especially that this system showed
perfect sustainability as explained later in Section 3.6. The % RSE was
not quantified due to the decrease of [PS]t below detectable
concentrations (see Text S1, Section 2.2.2).

Fig. 3. The evolution of (a) % KTP degradation and (b, c, d) kobs as a function of [PS]0 and temperature in T-APS. Experimental conditions: [KTP]0= 7.87 µM,
[PS]0= 0.25–5mM. T=40–60 °C. Error bars representing standard deviation are calculated at 95% confidence level, and uncertainties on kobs were calculated from
standard deviation on the slope of Ln ([KTP]t/[KTP]0) vs. t (min), determined after using the LINEST function of Microsoft excel. pHi (avg) = 6.15, pHf (avg) = 4.05.
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3.1.2.3. Chemically activated system. The effect of [PS]0 in Fe-APS was
highly dependent on its ratio to [Fe2+]0. To assess this effect, three
different [PS]0 (0.1, 0.5 and 1mM) and [Fe2+]0:[PS]0 (1:1, 1:5, 1:10)
ratios were tested in an array of nine combinations.

S2O8
2− + Fe2+→Fe3+ + SO4

2− + SO4
−% (8)

SO4
−% + Fe2+→Fe3+ + SO4

2− k9 = 4.6 ×109 M−1 s−1 (9)

PS gets chemically activated through Eq. (8) while SRs get quenched
in excess Fe2+ through Eq. (9) [53]. Therefore, the aim of ratio opti-
mization is to minimize as much as possible SRs quenching ((9)) while
maintaining efficient KTP degradation. Fig. 5 shows that the highest %
KTP degradation (75% after 1 h) is achieved at the lowest [PS]0 and
[Fe2+]0 used i.e. 0.1 mM at 1:1 M ratio. This result is attributed to the
rapid consumption of Fe2+ by PS (Eq. (8)), therefore preventing any
quenching reaction. However, at higher concentrations, competition
between activation and quenching reactions becomes more significant
due to the rapid production of SRs in the presence of excess [Fe2+] with
respect to [PS] and the very high reaction rate between SRs and Fe2+.
On the other hand, the % KTP degradation increased with the increase
in [PS]0 and [Fe2+]0 when the ratio was 1:10, indicating that the
quenching reaction is less likely to occur at such ratio due to the full
consumption of Fe2+ by PS in solution; therefore, the % degradation
was directly correlated to [PS]0 initially present in the medium. At 1:5
[Fe2+]0:[PS]0 ratio, all [PS]0 resulted in fair % degradation (≥55%),
where the highest % degradation (98%) was achieved when
[PS]0= 0.5mM and [Fe2+]0= 0.1 mM due to the nearly full trans-
formation of Fe2+ into Fe3+ (Eq. (8)). The % degradation was lower
elsewhere either due to the quenching effect when [Fe2+]0 is high
([Fe2+]0= 0.2 mM and [PS]0= 1mM), or the insufficient [Fe2+]0 able
to activate all the PS for enhanced degradation ([Fe2+]0= 0.02mM
and [PS]0= 0.1mM). This was further supported by the poor by-
product removal (Fig. 8S) in almost all cases where more than 60% of
the byproduct remained persistent, except for 0.1:1 and 0.1:0.5 mM
[Fe2+]0:[PS]0 where the % byproduct remaining was found to be 37%
and 27%, respectively. Therefore, [Fe2+]0:[PS]0 ratio optimization is
essential to overcome both the insufficient probe degradation and
quenching of SRs by Fe2+ [37]. The initial conditions [PS]0= 0.5mM

and [Fe2+]0= 0.1mM were adopted for later experiments.

3.2. Temperature effect in thermally activated system

Fig. 6 shows the effect of temperature on the oxidative degradation
of KTP in T-APS. The pseudo first order reaction models presented in
Fig. 6a show a clear dependence on temperature (R2 obtained from the
plot of ln ([KTP]t/[KTP]0) > 0.95, Table 1). Specifically, the % KTP
removal was improved from 5% at 40 °C to 100% at 70 °C after a period
of 1 h. This observation is in accordance with previous work done by
Ghauch et al. on T-APS [38,40,54]. This is mainly attributed to the
increase in the concentration of SRs in the reaction medium, and the
consequent increase in the pseudo first order reaction rates constants
(kobs min−1, Table 1) as the temperature is increased. This leads to a
higher vulnerability of KTP towards radical-based oxidation [55–57].
The half-lives of KTP calculated from the pseudo first order equation
(t1/2= Ln2/kobs) highly increased from 5.12min at 70 °C to 866min at
40 °C (Table 1). The stability of pharmaceuticals can be determined
from Arrhenius studies and can be used in order to predict the activa-
tion energy (EA) of these compounds by performing forced degradation
studies at elevated temperatures [58]. To calculate EA, reaction rates
were obtained at various temperature conditions (40–70 °C) and
showed perfect fitting in the Arrhenius equation (R2= 0.9936, Fig. 6b)
designated by the following relation between kobs and temperature:

= −
E
RT

Ln(k ) LnA A
obs

where A is the pre-exponential factor found from the intercept of the
Arrhenius plot, EA is the activation energy (J mol−1), T is the tem-
perature (K) and R the universal gas constant (R= 8.314 Jmol−1 K−1).
Based on the above parameters, EA was found to be 157.02
(± 8.9) kJ mol−1 which is slightly deviated from the EA obtained by
Feng et al. [36] on T-APS applied to KTP systems, which was calculated
using the same model and was found to be 169.74 kJmol−1. The EA
obtained is also comparable to that of other commonly used pharma-
ceuticals such as ibuprofen (168 kJmol−1) [38], carbamazepine
(168 kJmol−1) [56], bisoprolol (120 kJ mol−1), triclosan
(121 kJmol−1) [59], as well as naproxen (155 kJmol−1) [40]. This
suggests that the T-APS can be used as a successful treatment option for
the removal of mixtures of commonly used pharmaceuticals [36].

3.3. pH effect on KTP degradation kinetics in all activated PS systems

KTP degradation was studied under acidic (pH 4), neutral (pH 7)
and basic (pH 11) conditions at constant phosphate buffer strength,
[PB]= 10mM. Fig. 7 shows the obtained kobs (min−1) values of KTP
degradation as a function of time for buffer free and buffer-controlled
conditions in T-APS, Fe-APS, and UV-APS. Results clearly show that pH
has detrimental effects on KTP degradation in Fe-APS, where kobs
dropped significantly from 4.68×10−2 min−1 in buffer free medium
to 0.65× 10−2 min−1 at pH 4 and 0.17×10−2 min−1 at pH 7. No
degradation was observed at pH 11 during the time of study, therefore
no kobs value was obtained. These results can be interpreted by the
effect of various pH values on the oxidation of ferrous ions to ferric
ions. First, Fe2+ forms Fe2+ complexes when the pH is higher than 4 as
indicated by the following equation [60,61]:

+ → + =
+ + + −Fe H O FeOH H ( k 1.9 s )2

2
1 (10)

At further higher pHs (neutral and basic), Fe(OH)2 formation is
suspected; both Fe(OH)2 and FeOH+ have much lower activity towards
PS than uncomplexed Fe2+, leading to significantly lower concentra-
tion of SRs in the medium. The effect of neutral and basic media on KTP
degradation rate was further proved by the cloudiness observed when
Fe2+ was added to the buffered solutions (pHs 7 and 11) indicating the
plausible formation of ferric hydroxide ions such as FeOH2

+,
Fe2(OH)24+, Fe(OH)2+, Fe(OH)3 and Fe(OH)4− as noted by Rao et al.

Fig. 4. Effect of [PS]0 on KTP degradation and kobs in UV-APS. Experimental
conditions: [KTP]0= 7.87 µM, [PS]0= 0–0.25mM. Error bars representing
standard deviation are calculated at 95% confidence level, and uncertainties on
kobs are calculated from the standard deviation on the slope of Ln ([KTP]t/
[KTP]0) vs. t (min), determined after using the LINEST function of Microsoft
excel. pHi (avg)= 6.15, pHf (avg) = 5.88.
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[60]. Aside from the pH effect on the dominant oxidation state of Fe ion
in the studied medium, phosphate ions were proven to affect the rate of
oxidation of Fe2+ to Fe3+, the latter having much lower reactivity to-
wards persulfate. Mitra et al. [62] studied the effect of buffer con-
centration and pH on the oxidation of iron, which showed a positive
correlation between the concentration of phosphate buffer and the rate
of conversion of Fe2+ into Fe3+. In addition, this effect was shown to be
amplified at higher pHs [62], while iron species can form different
complexes with PB (e.g. Fe(H2O)4(H2PO4)+, Fe(H2O)4(H2PO4)2, Fe
(H2O)4(PO4)24−, etc.) and consequently hindering PS activation
[41,63]. Therefore, KTP degradation rate significantly decreased due to
the oxidation of Fe2+ in the presence of PB and the formation of iron-
buffer complexes, and neutral and basic media contributed to the for-
mation of ferric hydroxide ions, which have very low activity towards
persulfate activation [60,61].

On the other hand, the effect of pH in both T-APS and UV-APS
followed the same expected trend: Acidic (pH 4) media were suitable
for KTP degradation enhancement as indicated by the observed reaction
rate values obtained, where kobs was improved from 3.6×10−2 min−1

to 5.2×10−2 min−1 in the case of T-APS, and from
47.1×10−2 min−1 to 60.4× 10−2 min−1 in the case of UV-APS for
the unbuffered and pH 4 buffered solutions respectively. This result is in
agreement with the previous research done by Feng et al. [36] where
observed reaction rates increased from 0.023min−1 in unbuffered
media to 0.18 and 0.19min−1 at pHs 3 and 5, respectively. Under
acidic pH, PS activation is assisted by acid catalyzed mechanism ac-
cording to Eqs. (11) and (12) [36]:

+ →
− + −S O H HS O2 8

2
2 8 (11)

HS2O8
− + e− →SO4

2− + SO4
−% + H+ (12)

However, under alkaline conditions, KTP degradation rates were
enhanced in UV-APS while inhibited in T-APS. In general, alkaline
media enhance PS activation through the well-known base activation
method of PS as reported by several research groups [45,64,65]. PS is

activated under alkaline conditions through the following reaction
pathway (Eq. (13)) [37]:

% %
+ ⎯ →⎯⎯⎯ + + +

− − − − +

−

S O 2H O 2SO SO O 4H2 8
2

2
OH

4 4 2 (13)

Hydroxyl radicals (HRs) can be generated from SRs as well through
the following reaction (Eq. (14)) [66]:

SO4
−% + OH− →SO4

2− + OH% (14)

HR (OH%, E0= 2.7) is known to be very effective in the degradation
of a wide range of OCs in water and wastewater [1,67]. Therefore, the
occurrence of HRs in addition to SRs enhances the degradation of OCs
in the medium. This effect was observed in the case of UV-APS
([PS]0= 0.1 mM) in alkaline media (pH=11), designated by the in-
crease in kobs of KTP degradation from 47.1×10−2 min−1 in non-
buffered media to 50.2×10−2 min−1 in alkaline media. However, an
opposite effect was observed in T-APS ([PS]0= 1mM) media, desig-
nated by the decrease in kobs from 3.6× 10−2 min−1 in non-buffered
media to 2.4×10−2 min−1 in alkaline media. Unlike the case of UV-
APS, the following parasitic/radical quenching reaction (Eq. (15))
might have been taking place due to the higher [PS]0 used (10 times
that used in UV-APS), which lead to the increase in the density of SRs
and HRs in the medium and consequently the decrease in the rate of
KTP degradation [66].

% %
+ → +

− −SO OH HSO 1
2

O4 4 2 (15)

Finally, KTP degradation was slightly inhibited in neutral media,
designated by the decrease in kobs values from 3.6× 10−2 min−1 to
1.91×10−2 min−1 in T-APS, and from 4.71×10−1 min−1 to
3.95×10−1 min−1 in UV-APS. As it can be noticed from the Table of
pHs (Fig. 7), pH values in non-buffered media are closer to acidic
conditions (where enhancement in kobs values was noticed) than neu-
tral conditions, which explains the decrease in reaction rates in neutral
media compared to non-buffered media.

Fig. 5. Effect of [PS]0 and [Fe2+]0 on % KTP degradation and kobs in Fe-APS. Experimental conditions: [KTP]0= 7.87 µM, [PS]0= 0.1–1mM, [Fe2+]0=0.01–1mM.
The table summarizes kobs× 10−2 (min−1) values obtained in all [PS]0 and ratios studied. pHi (avg)= 6.15, pHf (avg) = 3.23.
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3.4. Matrix effect in all activated PS systems

3.4.1. Case of chlorides
The effect of common anions in natural water samples was tested on

KTP degradation in T-APS, Fe-APS, and UV-APS. In order to mimic
natural water conditions, three different concentrations of chloride ions
[68,69] corresponding to fresh water ([NaCl]= 2,00mg L−1), brackish
water ([NaCl]= 2,000mg L−1), and saline water
([NaCl]= 20,000mg L−1) were examined. Fig. 8 shows the % de-
gradation and kobs values under the aforementioned conditions. It can
be clearly noticed that Fig. 8a and b show a similar trend of variation in
% degradation and kobs in salinity experiments in T-APS and UV-APS. In

particular, fresh water matrices enhanced % KTP degradation from 92%
(Cl− free) to 100%, accompanied by a noticeable increase in kobs from
3.6×10−2 min−1 (Cl− free) to 13.8× 10−2 min−1 in T-APS. How-
ever, in the brackish water experiment,% degradation and kobs values
were comparable to that of chloride free medium, with a very slight
decrease in the % degradation i.e. 88% and nearly same
kobs= 3.1×10−2 min−1. Nevertheless, increasing the [NaCl] to
20,000mg L−1 had a significant inhibition effect on KTP degradation
which was characterized by the drop in the % degradation to 42% and
kobs to 0.79× 10−2 min−1. Similarly, the % KTP degradation in UV-
APS was not affected in fresh water matrix, while kobs increased slightly
from 47.1×10−2 min−1 (Cl− free) to 50.45× 10−2 min−1 (fresh
water). In the brackish and saline matrices, the % KTP degradation and
kobs values decreased to reach 97% and 31.86× 10−2 min−1 and 93%
and 25.19× 10−2 min−1, respectively (Fig. 8b). These results are in
accordance with previous research done on UV/PS based chlor-
amphenicol removal by Ghauch et al. [44] and Tan et al. [70] where
[Cl−] ranging between 1 and 10mM (58.4 and 584mg L−1 of NaCl)
enhanced the degradation of the contaminant in PS activated systems.
This improvement in degradation is attributed to the oxidative power
enhancement of the reactive medium due to the generation of chloride
radicals (Cl%) (Eq. (16)), which react with chloride ions (Eq. (17)) to
form the reactive chlorine radicals %−Cl2 (E0 =2.09 V). However, the
observed inhibition in KTP degradation in brackish and more sig-
nificantly in saline media, can be assigned to the chlorine radical-ra-
dical quenching effect (Eq. (18)), particularly in brackish
(2000mg L−1) and saline (20,000mg L−1) matrices where [Cl−] is
above 10mM (584mg L−1 of NaCl) since the concentrations of [Cl%]
and %−[Cl ]2 become more significant (Eq. 1618). Comparable results were
also established by Bennedsen [71] and Deng [72] where the de-
gradation efficiency was obviously inhibited when [Cl−]0 was above
28mM (1635mg L−1 of NaCl) in T-APS ([PS]0= 5mM, T=65 °C) and
10mM (584mg L−1 of NaCl) in UV-APS ([PS]0= 1mM,
I0= 153 µW cm−2), respectively.

SO4
−% + Cl− →Cl% + SO4

2− k16 = 3.1 ×108 L mol−1 s−1 (16)

Cl% + Cl− →Cl2%− k17 = 2.1 ×1010 L mol−1 s−1 (17)

Cl2%− + Cl2%− →2Cl− + Cl2 k18 = 2.1 ×109 L mol−1 s−1 (18)

On the other hand, KTP degradation was markedly inhibited in Fe-
APS under fresh, brackish, and saline matrices. This was demonstrated
by the absence of any noticeable degradation in saline media, and by
the respective decrease of % KTP degradation and kobs by 86% and
4.5×10−2 min−1 in brackish media and by 25% and
3.2×10−2 min−1 in fresh water media. This suggests the direct in-
terference of Cl− in the activation process of PS, mainly through
changing the available species Fe2+ ions at various [Cl−]. The major
ferrous chloride complexes present at room temperature in aqueous
acidic solutions (pHi-f = 6.14–3.19, Fig. 7), are Fe(H2O)62+, Fe
(H2O)5Cl+, and Fe(H2O)4Cl2 [73]. It was found that as the [Cl−] in-
creases in the solution, the iron speciation shifts from Fe(H2O)62+to Fe
(H2O)5Cl+ and Fe(H2O)4Cl2, whose activity towards PS oxidation was
never reported in the literature. In addition, the formation of inactive
iron complexes was further supported by the observation of an orange
suspended matter in the solution just after the addition of Fe2+ to the
reaction mixture containing previously the corresponding [Cl−] to each
experiment. The observed inhibition in the degradation extent is con-
sequently attributed to the presence of chloride ions in solution, which
becomes more significant with the increase in [NaCl] from 200 to
20,000mg L−1. Therefore, UV-APS can be used as an efficient AOP for
the treatment of KTP in fresh, brackish, and saline matrices due to the
comparable efficiency of oxidation in all three media. However, de-
gradation is only enhanced in fresh water media in the case of T-APS,
while it is inhibited otherwise. Finally, the use of Fe2+ as PS activator
for KTP degradation in natural water samples rich in Cl− was found to

Fig. 6. (a) Temperature effect on the degradation of KTP via T-APS.
Experimental conditions: [KTP]0= 7.87 µM, [PS]0= 1.0mM. The control ex-
periment was done at 70 °C in PS-free solution. Error bars representing standard
deviation are calculated at 95% confidence level. (b) Arrhenius plot for the
temperature effect experiments. Uncertainties were calculated from standard
deviation on the slope determined after using the LINEST function of Microsoft
excel. pHi and pHf values are reported in Table 1.

Table 1
kobs calculated at different temperatures in T-APS.

Temperature (°C) 1kobs× 10−2 (min−1) R2 t1/2 (min) pHi pHf

40 0.08 ± 0.01 0.9515 866 ± 110 6.12 5.63
50 0.42 ± 0.05 0.9748 165 ± 20 5.90 5.20
60 3.70 ± 0.30 0.9840 19 ± 2 6.30 4.62
70 13.55 ± 0.01 1.0000 5.12 ± 0.01 5.83 4.00

1 Experimental conditions: [KTP]0= 7.87 µM, [PS]0= 1mM. Uncertainties
on kobs were calculated from standard deviation on the slope of Ln ([KTP]t/
[KTP]0) vs. t (min), determined after using the LINEST function of Microsoft
excel.
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be inefficient.

3.4.2. Case of bicarbonates
The presence of high concentrations of bicarbonate in the reaction

matrix led to significant decrease in the degradation extent and kobs in
all three PS activated systems (Fig. 9). kobs decreased by 90% and 94%
at [HCO3

−] of 50 and 100mM in T-APS, while [HCO3
−]= 1mM in-

hibited kobs to a much lower extent i.e. 30%. A similar trend was also
noticed in UV-APS, designated by a moderate decrease in kobs at
[HCO3

−]= 1mM by 43%, 71% at [HCO3
−]= 50mM, and 78% at

[HCO3
−]= 100mM. On the contrary, kobs value was not affected in Fe-

APS when 1mM of HCO3
− was added; however, higher [HCO3

−]= 50
and 100mM fully inhibited degradation. The inhibitory effect of
HCO3

− can be explained by the reaction of SRs with HCO3
− (Eq. (19))

yielding %−CO3 which has moderate oxidative properties (E0 =1.50 V)
compared to that of SRs toward KTP.

SO4
−% + HCO3

− →SO4
2− + CO3

%− + H+ k19 = 8.5 ×106 L mol−1

s−1 (19)

In addition, HCO3
− reacts with Fe2+ to form insoluble complex

(FeCO3) (Eq. (20)) [74] preventing thereby Fe2+ from activating PS.

+ → +
+ − +Fe HCO FeCO H2

3 3 (20)

3.4.3. Case of HA
The effect of humic acids (HA) on the degradation efficiency of the

three activation methods has been studied due to their significant
abundance in natural waters. The [HA] ranges typically between 0.1
and 20mg L−1 [75], therefore, three [HA]0 were adopted: 0.5, 5, and
20mg L−1. Fig. 10 shows the effect of various [HA] on KTP degradation
and on kobs in T-APS, UV-APS, and Fe-APS. As it can be noticed, HA
inhibited KTP degradation in T-APS where kobs decreased from
3.6×10−2 min−1 in HA free experiment to 1.82, 1.28 and
0.73×10−2 min−1 as the [HA] increased from 0.5 to 20mg L−1

(Fig. 10a). This observation is in accordance with the work done by
Feng et al. [36] where kobs of KTP degradation decreased from 0.08 to
0.02min−1 as the [HA] increased from 0 to 40mg L−1 in T-APS. Si-
milarly, KTP degradation was inhibited in UV-APS, indicated by the
decrease in kobs from 47.1×10−2 min−1 in HA free solutions to 23.04
and 7.03×10−2 min−1 at [HA]= 5 and 20mg L−1, respectively;

Fig. 7. kobs obtained from the first order fitting function for T-APS, Fe-APS, and UV-APS at pH values 4, 7, and 11. The table is a summary of pHi and pHf for each
experiment. Experimental conditions: [KTP]0= 7.87 µM and [PB]= 10mM in all systems, [PS]0= 1.0mM (T-APS), [PS]0= 0.5mM and [Fe2+]0=0.1mM (Fe-
APS), [PS]0= 0.1mM (UV-APS). For demonstration purposes, the kobs values for thermal and chemical systems were multiplied by 10.

Fig. 8. The effect of existing Cl− (200–20,000mg L−1) on kobs and %KTP degradation in (a) T-APS, (b) UV-APS, and (c) Fe-APS. Experimental conditions:
[KTP]0=7.87 µM in the three systems, [PS]0= 1mM and T=60 °C (T-APS), [PS]0= 0.1mM (UV-APS), [PS]0= 0.5mM and [Fe2+]0= 0.1mM (Fe-APS). pHi

(avg) = 6.15, pHf (avg) = 4.23 (T-APS), pHf (avg) = 5.67 (UV-APS), pHf (avg) = 3.35 (Fe-APS).
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however, no significant effect was observed at low [HA] (Fig. 10b).
Analogous results were also expressed in the studies done on the de-
gradation of chloramphenicol in UV-APS by Ghauch et al. [44], and in
T-APS by Nie et al. [49]. This inhibition in both thermal and UV systems
is mainly attributed to the HA’s quenching effect due to the presence of
abundant electron-rich sites thereby attracting electrophilic species
such as SRs and HRs [76–79]. In addition, the considerable decrease in
kobs at [HA]=20mg L−1 in UV-APS is also attributed to the inner filter
effect induced by HA due to its high absorbance at 254 nm [79,80],
which prevents full PS irradiation and consequently its activation. On
the other hand, HAs showed enhancing properties towards KTP de-
gradation in Fe-APS which is expressed by the higher values of kobs
obtained at all [HA] used compared to HA free solutions (Fig. 10c). It
has been noticed that kobs increased from 4.68×10−2 min−1 in HA

free solutions to 7.52×10−2 min−1 at [HA]=0.5mg L−1 which de-
creased again to reach 6.39×10−2 min−1 and 4.93×10−2 min−1 at 5
and 20mg L−1 HA, respectively. Several research groups have in-
vestigated the influence of HA in Fenton and Fenton like systems to
prove that HA could have potential positive effect on contaminant de-
gradation [81–84]. Yet, little research has been done on the enhance-
ment of contaminant degradation under HA matrices in Fe-APS. Many
studies on Fenton systems reported that this enhancement is mainly due
to the reductive ability of HA obtained by electron transfer towards
transition metals, Fe3+ in this case, which contributes to the re-
generation of Fe2+ in the solution [85–88]. Therefore, this process
known as Fe2+ regeneration catalyzes the overall KTP degradation.
Finally, KTP degradation enhancement by HA matrix was inversely
proportional to [HA] at very high HA load due to the competition of HA
and KTP for SRs.

3.4.4. Case of natural water samples: waste water (WW), sea water (SW),
and spring water (SpW)

Results of KTP-spiked natural water samples collected from SW in
South Lebanon (location 33°54′11.1″N 35°28′44.8″E), from untreated

Fig. 9. The effect of existing HCO3
− (1–100mM) on KTP degradation in (a) T-

APS, (b) UV-APS, and (c) Fe-APS. Experimental conditions: [KTP]0= 7.87 µM
in all systems, [PS]0= 1mM and T=60 °C (T-APS), [PS]0= 0.1mM (UV-
APS), [PS]0= 0.5mM and [Fe2+]=0.1mM (Fe-APS). The insets are plots of
kobs vs [HCO3

−]. pHi (avg) = 6.15, pHf (avg)= 5.23 (T-APS), pHf (avg)= 6.0 (UV-
APS), pHf (avg) = 4.20 (Fe-APS).

Fig. 10. The effect of existing HA (0.5–20mg L−1) on KTP degradation in (a) T-
APS, (b) UV-APS, and (c) Fe-APS. Experimental conditions: [KTP]0=7.87 µM
in all systems, [PS]0= 1mM and T=60 °C (T-APS), [PS]0= 0.1mM (UV-
APS), [PS]0= 0.5mM and [Fe2+]0= 0.1mM (Fe-APS). The insets are plots of
kobs vs [HA]. pHi (avg) = 6.15, pHf (avg)= 3.55 (T-APS), pHf (avg)= 5.52 (UV-
APS), pHf (avg)= 3.07 (Fe-APS).
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municipal WW sewage line discharging into the Mediterranean Sea
(location 33°54′08.2″N 35°29′05.0″E), and from SpW (33°44′17.9″N
35°34′12.5″E) are presented in Fig. 11. The physical parameters of
these samples before and after treatment by each method are presented
in Table 2. Experiments applying the three PS activated methods were
performed on filtered WW, SW and SpW. Results in the case of T-APS
show that the highest drop in kobs was noticed in SW
(0.46×10−2 min−1), followed by WW (0.84× 10−2 min−1), then
SpW (2.7× 10−2 min−1). SW contains very high levels of Cl− (Table 2)
which is responsible for quenching SRs in the medium, thereby de-
creasing % KTP degradation which is in agreement with the results in
Section 3.4.1. On the other hand, WW contains a wide range of con-
stituents such as inorganic ions, metals, organic material, etc. that
contribute to the high COD as presented in Table 2. In fact, typical WW
municipal effluents contain high load of organic material which

competes with KTP for the reaction with SRs, leading to lower de-
gradation extents. KTP degradation was also slightly inhibited in SpW
which is attributed to the initial pH value (pHi= 7), at which de-
gradation is partially inhibited as shown in Section 3.3. On the other
hand, kobs decreased significantly in the UV-APS when the experiment
was done in SpW (26.82×10−2 min−1), SW (5.87×10−2 min−1)
followed by WW (3.8×10−2 min−1). Due to the high turbidity (95
NTU) and TSS (425mg L−1) in pretreated WW (Table 2), UV irradiation
was not reaching the solution efficiently because of light scattering,
hence partially preventing PS activation and KTP DP [44,89]. In addi-
tion, KTP degradation was inhibited in SW matrix due to the presence
of a high Cl− load which gets involved in PS quenching reactions
leading thereby to lower degradation rate. Finally, % degradation and
kobs values in the case of SpW was comparable to the case of DI water,
where the decrease in both parameters is attributed to the slightly basic
pH of the solution which induces inhibitory effect on the degradation
process (Section 3.3). All matrices had full inhibitory effect on KTP
degradation in Fe-APS. Since pH is a determinant factor in this system,
degradation was significantly inhibited due to the basic pH of the stu-
died matrices (pH > 7). On the other hand, high pH values lead to
Fe2+ precipitation (Section 3.3) which was clearly supported by the
increase in TSS values in WW and SW unlike T-APS and UV-APS.
Comparing the performance of the three methods in natural water
samples, it can be clearly noticed that UV-APS surpasses the T-APS,
since it contributes to water disinfection indicated by the decrease of
Fecal Coliforms from TNTC to a countable number (58 CFU) in the case
of WW (Table 2). The effluent toxicity can be even more reduced in this
system if a higher [PS]0 is used as reported in previous studies [90–92].

3.5. Effect of [PS]0 on TOC removal in all activated PS systems

To study the efficiency of the three activation techniques towards
mineralization, KTP solutions (10mg L−1) were treated in the absence
of PS (0mM), under moderate [PS]0 (1 mM) and high [PS]0 (5 mM).
[KTP]0 was chosen to be 10mg L−1 (39.33 μM) to trace TOC during the
reaction time without falling below the detection limit of the TOC
analyzer (see SI, Text S1). Fig. 12a shows that KTP is resistant to mi-
neralization at high temperatures (thermal) or in the presence of Fe2+

(chemical) at [PS]0= 0mM, while 11% of TOC was removed after 1 h
of treatment under UV irradiation alone. Similar results were observed
by Szabo et al. [32] where KTP and its byproducts undergone DP which
was expressed by 75% TOC removal after exposure to UV254 irradiation.
Illes et al. [33] on the other hand, achieved 90% KTP TOC removal in
UV254/O3 system over a reaction period of 1 h. When [PS]0 1mM was
used KTP mineralization was enhanced in all three media. Specifically,
TOC removal reached 30%, 60%, and 80% in Fe-APS, T-APS and UV-
APS respectively (Fig. 12b). This was further heightened at higher
[PS]0= 5mM where TOC removal reached 48% in Fe-APS, 75% in T-
APS, and 95% in UV-APS after 60min of treatment (Fig. 12c). It is clear
that T-APS was more efficient towards mineralization than Fe-APS
which is explained by the absence of Fe2+ regeneration. This gives
advantage to T-APS towards TOC removal in which heat is constantly
supplied to the reaction medium. However, UV-APS remains the most
efficient method in KTP-TOC removal tests.

3.6. Sustainability tests through successive KTP spiking in all activated PS
systems

To assess the sustainability of the activation methods in a long-term
oxidation course, the performance of activated PS in the three systems
was tested in the scenario of continuous addition of KTP over 60min
time intervals in the case of thermal and chemical systems and for only
10min in the case of UV-APS. To mimic such scenario, the solution was
periodically spiked with 2mg L−1 KTP. Fig. 13 shows KTP degradation
results in T-APS, UV-APS, and Fe-APS over five successive spiking cy-
cles, under the initial conditions described in the figure’s caption. The

Fig. 11. The effect of natural water samples WW, SW and SpW on KTP de-
gradation in (a) T-APS, (b) UV-APS, and (c) Fe-APS. Experimental conditions:
[KTP]0=7.87 µM in all systems, [PS]0= 1mM and T=60 °C (T-APS),
[PS]0= 0.1mM (UV-APS), [PS]0= 0.5mM and [Fe2+]0= 0.1mM (Fe-APS).
The insets are plots of kobs obtained in the natural water samples. pHi and pHf

values are reported in Table 2.
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first cycle was done as a regular experiment, and then regenerated by
spiking the reaction mixture with KTP solution in T-APS and UV-APS
and with KTP/Fe2+ mix in Fe-APS without altering [PS]0. The obtained
results showed that among the three activation systems, UV-APS was
the most sustainable as indicated by the constant % KTP degradation at
the end of each cycle (% Deg avg= 93%) (Fig. 13b). This is due to the
double effect of DP and activated PS towards the degradation of KTP
and its byproducts. On the other hand, T-APS was proven to be less
sustainable as indicated by Fig. 13a, where full KTP degradation
(100%) was only reached by the end of cycle 1; however, starting from
cycle 2, less KTP was degraded (82%), followed by a further decrease to
reach 60%, 49% and 41% by the end of cycles 3, 4, and 5, respectively.
The Fe-APS was the least sustainable of all, designated by the drop in %
KTP degraded from 96% by the end of cycle 1 to 81%, 43%, 30% and
20% by the end of cycles 2, 3, 4 and 5, respectively (Fig. 13c). This is
attributed to the change in the ratio of [Fe2+] to [PS] which is a main
factor as explained in Section 3.1.2.3, and to the accumulation of KTP
and its byproducts in the solution. To account for the sustainability for
long treatment periods, the % RSE was calculated in the T-APS which

was the only case where PS quantification was possible, as mentioned
previously in Section 3.1.2. T-APS had a total PS consumption of 60%
after 5 cycles. Regardless of the decrease in % KTP degradation extent,
the % RSE increased gradually from 1.55% up to 4.8% from cycle 1 to
cycle 5 as shown in the inset of Fig. 13a. This observation is similar to
the study done by Ghauch et al. [44] where the % RSE increased al-
though the % degradation of chloramphenicol decreased from cycle 1 to
cycle 5 in UV-APS. This proves that both T-APS and UV-APS are sus-
tainable for long term treatment of matrices containing variable
[KTP]0.

3.7. Identification of degradation products and pathways

KTP degradation yielded two common transformation products BP1
and BP2 among the three activation systems, eluted at 5.9 and 6.1min,
respectively (Fig. 14). (+) ESI was adopted since it showed a higher
sensitivity compared to (−) ESI. MS analyses were performed under
experimental conditions defined in the caption of Fig. 14; KTP is eluted
at Rt= 6.6 min and showed a mass spectrum base peak at 255.8m/z

Table 2
Physical properties of waste water, sea water and spring water spiked with KTP before and after treatment in T-APS, UV-APS, and Fe-APS.

Parameters Units Waste water

Before treatment After treatment

Thermal UV Chemical

pH 8.2 8 8 7.9
Fecal Coliforms 4 CFU 6TNTC 6TNTC 58 TNTC
Turbidity 5NTU 95 106 95.7 112

1TSS mg L−1 425 350 315 560
2TDS 4400 4470 4300 4310
sulfates 420 470 420 420
chlorides 3375 2580 2550 4408
3COD 1106 742 549 260

Units *Sea water

Before treatment After treatment

Thermal UV Chemical

pH 8 7.8 7.9 8
Fecal Coliforms 4 CFU 4 2 0 0
Turbidity 5NTU 1 0.39 0.35 8.08
1TSS mg L−1 88 76 83 90
2TDS 36,600 37,400 34,000 36,600
sulfates 3500 3600 3800 3500
chlorides 25,250 25,900 27,500 26,500
3COD 970 820 950 720

Parameters Units Spring water

Before treatment After treatment

Thermal UV Chemical

pH 7 6.7 6.9 6.9
Fecal Coliforms 4 CFU 0 0 0 0
Turbidity 5NTU 0.63 1.44 0.7 3.96
1TSS mg L−1 9 2 5 8
2TDS 350 436 346 399
sulfates 16 52 26 34
chlorides 42.6 25.3 25.6 57
3COD 20 22 12 18

1 TSS: Total Suspended Solids.
2 TDS: Total Dissolved Solids as NaCl.
3 COD: Chemical Oxygen Demand.
4 CFU: Colony Forming Unit per 100mL.
5 NTU: Nephelometric Turbidity Unit.
6 TNTC: Too Numerous To Count.
* The high COD value observed in sea water is due to the high levels of pollution in the coastal area of Beirut.
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corresponding to [M+H]+ and additional peaks corresponding to other
adduct ions listed in Table 2S. These adducts were mainly Na, K, COOH
and FA coupled to KTP in its monomer or dimer form. The latter being
also encountered by Ghauch et al. [44] with chloramphenicol molecule
analyzed by (+) and (−) ESI. On the other hand, BP1 and BP2 showed
two mass spectra base peaks at 229.5 and 245.1m/z respectively
(Tables 3S, 4S). In addition to the listed adducts, MeOH and H2SO3

adducts were observed in the mass spectrum of BP1 (Table 4S). A few
other MS fragments were also observed but unfortunately not identi-
fied.

The general degradation mechanism to form BP1 and BP2 was
mainly initiated by decarboxylation [93,94], followed by rearrange-
ment and hydroxylation as shown in Fig. 15. Degradation of KTP to
form BP1 and BP2 can be driven either by hydrogen abstraction
through HRs or electron abstraction through SRs. HRs in the medium
are generated by direct water photolysis in the case of UV [44], or by
the reaction of SRs with water which is likely to take place in all in-
vestigated systems. However, this pathway, driven by HRs is less
probable in chemical system due to the relatively low pH value of the
reaction medium. Upon hydrogen or electron abstraction, reactive ra-
dical intermediates are generated (Fig. 15) which undergo hydroxyla-
tion with water [36] or oxygenation resulting from another SR attack
[42]. Transformation products are further subjected to degradation by
the available radicals in the medium to achieve partial to full miner-
alization.

3.8. Economic feasibility study

The economic efficiency was assessed through cost calculation using
electrical energy per order (EEO) for T-APS, UV-APS and Fe-APS. EEO is
defined as the electric energy in Kilowatt hours (kWh) needed to de-
grade one order of magnitude of the contaminant per unit volume
(m−3), expressed as per Eq. (21) [95]:

=
× ×

×

EEO P t 1000
V log(C /C )i f (21)

Where P (kW) is the power supplied to the system (see text S3), V
(L) is the volume treated in time t (h), Ci and Cf are the initial and final
concentrations of the contaminant, respectively. Eq. (21) can be simply
written as follows:

=
×

×

EEO 38.4 P
V kobs (22)

Where kobs (min−1) is the observed reaction rate obtained from the
first order fitting functions. The electrical and total system costs were
later obtained according to Eqs. (23), (24) [96]:

= ×Electrical energy cost ("$"/m ) EEO(kWh/m ) power cost("$"/kWh)3 3

(23)

Fig. 12. TOC removal of KTP in T-APS, UV-APS, and Fe-APS (a) in the absence
and in the presence of PS at (b) [PS]0= 1mM and (c) [PS]0= 5mM.
Experimental conditions: [KTP]0=39.33 µM in all systems. T= 60 °C in T-
APS, [Fe2+]0= ([PS]0/5) mM in Fe-APS. pHi (avg) = 6.15, pHf (avg) = 4.5 (T-
APS), pHf (avg) = 5.35 (UV-APS), pHf (avg) = 3.10 (Fe-APS).

Fig. 13. The effect of successive KTP spiking on the performance of (a) T-APS, (b) UV-APS, and (c) Fe-APS on % KTP degradation and on % RSE in the case of T-APS.
Experimental conditions: [KTP]0=7.87 µM/cycle in all systems, [PS]0= 2mM and T=60 °C (T-APS), [PS]0= 0.1mM (UV), [PS]0= 0.5mM and
[Fe2+]0=0.1mM/cycle (Fe-APS). pHi (avg) = 6.15, pHf (avg)= 4.7 (T-APS), pHf (avg) = 5.83 (UV-APS), pHf (avg)= 3.0 (Fe-APS).
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= +Total system cost ("$"/m ) electrical energy cost reagent cost3 (24)

Table 3 summarizes the total cost of UV, thermal, and chemical
activation processes. It is clearly shown that electricity contributes
mostly to the total cost in both T-APS and UV-APS, whereas it is as-
sumed to be negligible in Fe-APS. UV-APS was found to be the least
costly among the tested methods, followed by Fe-APS and finally T-APS.

However, Fe-APS was found to be inefficient in most of the matrices
studied which imposes a great limitation to its use in real life applica-
tions. On the other hand, T-APS is considered economically inefficient
due to the high electricity (Table 3) and reagent (Table 5S) costs re-
lative to UV-APS. Therefore, UV-APS is found to be the most feasible,
robust, effective and efficient when applied in real life environment. In

Fig. 14. (+) ESI LC-MS total ion chromatograms of KTP in (a) T-APS, (b) UV-APS, and (c) Fe-APS. The insets in the three figures represent the MS spectra of BP1 and
BP2. Experimental conditions: [KTP]0= 39.33 µM in all systems. [PS]0= 5mM, T=60 °C in T-APS, [Fe2+]0=0.5mM, [PS]0= 2.5mM in Fe-APS. [PS]0= 0.5mM
in UV-APS.
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case the use of UV is not applicable, T-APS is recommended.

4. Conclusion

KTP degradation was studied in T-APS, UV-APS and Fe-APS. Several
experimental parameters were tested to investigate the efficiency of the
degradation process in all systems. A comparative study was established
to come up with the best PS activation technique. UV was found to be
the most efficient and robust amongst the systems under study char-
acterized by the high kobs (47.16× 10−2 min−1) which was attributed
to the DP-assisted degradation of KTP, followed by chemical and
thermal systems (4.68× 10−2 and 3.6×10−2 min−1). Degradation in
T-APS was found to be pH dependent unlike UV-APS which was un-
affected by pH variation, while pH > 4 inhibited degradation to a high
extent. TOC analysis showed that the highest KTP mineralization extent
(95%) was achieved in UV systems at [PS]0= 5mM and

[KTP]0= 10mg L−1 in 1 h. The effect of several inorganic and organic
species commonly found in natural water samples was tested. HA had
an enhancing effect in Fe-APS characterized by the increase in kobs
values while it slightly inhibited KTP degradation in UV-APS and sig-
nificantly in T-APS. On the other hand, high [HCO3

−] inhibited sig-
nificantly KTP degradation in T-APS and Fe-APS while it showed less
inhibition extent in UV-APS. Furthermore, Cl− had nearly no effect on
KTP degradation in UV-APS; low [NaCl] (200mg L−1) showed to have
enhancing properties in T-APS unlike high [Cl−] > 200mg L−1, while
it inhibited KTP degradation in Fe-APS at all concentrations used. The
three studied systems were applied to KTP-spiked WW, SW, and SpW
samples and showed that UV-APS was the most efficient in terms of KTP
degradation and total coliform reduction. It showed perfect sustain-
ability through continuous KTP spiking experiments in comparison to
T-APS and Fe-APS which were less sustainable. HPLC/MS analyses were
performed to identify the main transformation products and to establish
a degradation mechanism. Finally, an economic feasibility study has
shown that UV-APS is the most economically efficient method to be
applied in real environment. Investigation toward the development of
innovative catalysts for PS activation such as Metal-Organic
Frameworks (MOFs) is already initiated in our laboratory to improve
AOPs toward more sustainability.
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Table 3
Economic comparison of the different PS activated systems (UV-APS, T-APS and
Fe-APS) obtained at control experimental conditions (Section 3.1):
[KTP]0=7.87 µM in all systems, [PS]0= 1mM and T=60 °C (T-APS),
[PS]0= 0.1mM (UV-APS), [PS]0= 0.5mM and [Fe2+]0=0.1mM (Fe-APS).

UV Thermal Chemical

kobs × 10−2(min−1) 47.100 3.600 4.680
P (kW)a 0.011 0.122 –
EEO (kWh/m3/order) 2.240 650.600 –
aElectricity cost ($/m3) 0.152 44.176 –
bReagent cost ($/m3) 0.024 0.238 0.517
Total cost ($/m3) 0.176 44.414 0.517

a Obtained from the “Electric Power Monthly” report including data for
November 2017 in the US. Average price of electricity for industrial
sector= $0.0679 [92].

b See Table 2S.
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permanent support and valuable remarks on persulfate technology.

Appendix A. Supplementary data

Supplementary data associated with this article can be found, in the
online version, at http://dx.doi.org/10.1016/j.cej.2018.05.118.
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